Studies suggest that populations of different species do not decline equally after habitat loss. However, empirical tests have been confined to fine spatiotemporal scales and have rarely included plants. Using data from 89,365 forest survey plots covering peninsular Spain, we explored, for each of 34 common tree species, the relationship between probability of occurrence and the local cover of remaining forest. Twenty-four species showed a significant negative response to forest loss, so that decreased forest cover had a negative effect on tree diversity, but the responses of individual species were highly variable. Animal-dispersed species were less vulnerable to forest loss, with six showing positive responses to decreased forest cover. The results imply that plant-animal interactions help prevent the collapse of forest communities that suffer habitat destruction.
H
abitat destruction is often cited as the single greatest cause of global biodiversity loss (1) . These anthropogenic changes trigger biological responses that sometimes end in a biotic collapse, a problem that has led ecologists to face the question of how much habitat is enough for species to persist (2) . The dominant theoretical framework for understanding the effects of habitat loss is metapopulation theory, which focuses on the dynamic balance of local extinctions and colonizations that characterize fragmented populations at regional scales (3) . According to this theory, regional habitat loss not only removes biodiversity held in the lost habitat but also reduces the occurrence of species within the remaining habitat (4) . This idea has become a central tenet of conservation practice, causing a shift in focus from the local to the landscape scale. For example, it is the source of the current emphasis on the maintenance and creation of habitat corridors to foster dispersal among patches (5, 6) . However, empirical tests of this prediction have been restricted to short-lived animal species [especially butterflies and birds (7, 8) ], short spatial scales (9) , and short time scales, over which observations are likely to be dominated by shortterm responses that may or may not be indicative of the long-term impacts of habitat loss.
We analyzed the relationship between local forest cover and the occurrence of 34 canopydominant tree species [28 native to the study region and 6 exotic (table S1)] in 89,365 survey sites distributed across peninsular Spain (10) (Fig. 1) . The data set was extracted from the Spanish Second National Forest Inventory (IFN2), which placed a 25-m-radius circular sample plot in each 1 × 1 km grid cell that it classified as being forested [occupied by woody vegetation (11) ]. For each plot q, we calculated a local forest cover H q , defined as the fraction of the nearest eight grid cells to q that were also classified as forested in IFN2 (using a larger neighborhood degraded the statistical significance of some effects documented here but had no qualitative effect on conclusions). Because the Iberian Peninsula has chronically suffered from forest destruction and conversion into agricultural and degraded states (12) , H q is a measure of net forest loss from prehistory to the present. Thus, we interpret the species responses to H q observed in the IFN2 survey as responses to forest loss.
We used logistic regression to quantify, for each species j, the probability of occurrence of j in plot q as a function of H q . For comparison among species we used the fitted logistic curves to calculate, for each species j, a scalar W j , defined as the natural log of the ratio of the probability of occurrence at 0% local forest cover to the probability of occurrence at 75% cover. Negative W j implies that species j shows a negative response to decreased forest cover and vice versa.
We used error propagation to calculate a conservative (upper) estimate of the confidence interval for W j . The results presented below are robust considering either native and exotic species combined or native species only [supporting online material (SOM)].
Of the 34 species, 24 showed a statistically significant negative response to decreased forest cover [negative W j value with confidence intervals not including zero ( Fig. 2A) ]. This is consistent with the decrease in average tree species richness with decreased forest cover observed in the IFN2 data ( Fig. 3) and in previous studies (13) . The observed relationship between species richness in this case was approximately linear over most of the range in H q , which was captured well by the logistic regressions (Fig. 3) . However, richness was lower than expected for H q ≥ 80% and H q = 0. Such abrupt changes could reflect the effects of spatial configuration (that is, fragmentation) when habitat cover goes from nearly continuous to fragmented (with the first appearance of edges) and falls to very low levels (14) , although threshold responses can also result from some forms of animal-mediated dispersal (15) .
Among species there was large and statistically significant variation in W j . For species with statistically significant negative W j (those with confidence intervals not including zero), W j ranged from -0.03 to -1.53, which corresponds to a proportional reduction in probability of occurrence, for the 75 to 0% scenario, of 3 to 78%. Moreover, there were six species with statistically significant positive responses to reductions in forest cover ( Fig.  2A) . These species were more likely to be found in plots surrounded by nonforested land.
If this magnitude of interspecific variation in response to forest loss proves to be typical, it will be critical to identify measurable species traits that predict it. Although we did not attempt an exhaustive search of such traits, we did examine the importance of two traits related to dispersal (seed size and animal-versus wind-mediated seed dis- Fig. 1 . Distribution of survey sites in peninsular Spain. IFN2 consisted of 89,365 circular sampling sites (radius = 25 m) distributed across peninsular Spain (average density approximately one per square kilometer). Survey sites were placed in continuous forest locations, so their distribution matches that of the remaining forest. persal). Metapopulation theory has identified dispersal as crucial in determining species responses to habitat loss (16) , and recent modifications of the Levins metapopulation model predict that animalmediated seed dispersal will confer increased species robustness to habitat loss (17) . This is because, unlike wind, animals actively deliver seeds toward suitable patches (directed dispersal), and because some forms of animal dispersal increase the average dispersal distance (18) . Both of these behaviors help keep physically isolated habitat patches demographically connected. Directed dispersal and long dispersal distances have been observed in our study region (19) . Seed size affects dispersal distance (20) and is correlated with fecundity (21) and establishment probability (22) , which are also highlighted as important by metapopulation theory.
We found that animal-dispersed species are, on average, less vulnerable to decreased forest cover than are wind-dispersed species (Fig. 2) . The six species showing positive responses to deforestation were all animal-dispersed, and the two species with the largest negative response were wind-dispersed. To assess the possibility that the observed difference between the two groups (animal-and wind-dispersed) could have arisen by chance, we conducted a permutation test on the difference in the position of the groups in the list of species ranked by W j : The probability of finding the observed difference was less than 0.005 (SOM).
The contrasted phylogenetic composition of wind-versus animal-dispersed species raises the possibility that phylogenetically conserved traits other than dispersal mode that are shared by closely related species caused the difference in response between animal-and wind-dispersed species (23) . To examine this possibility, we used phylogenetic eigenvector regression [PVR (11) ]. The proportion of variation of W j that can be attributed to phylogenetic relationships is low (R 2 = 0.11). Moreover, an analysis of covariance (ANCOVA) including W j as the response variable, dispersal mode as the explanatory variable, and the three main phylogenetic eigenvectors generated by PVR (which describe 92.5% of the phylogenentic structure in the data) as covariables still found significant differences in W j between wind-and animal-dispersed species (F = 7.75890, P < 0.05).
In addition to the effects of forest cover, each tree species is likely to be affected by the pronounced gradients in climate, soil, and fire frequency observed in this region, and the interactions between all of these will need to be understood before any future species responses to changes in forest cover or climate can be predicted accurately. However, PCA showed no multicolinearity between forest cover and a set of 18 environmental variables that might be critical to plant growth, reproduction, and survival in Mediterranean and Atlantic systems (table S4). This shows that at the scale of peninsular Spain, local forest cover varies independently of climate, topography, soil, and major perturbation events, so that the simple logistic regression employed here would be expected to extract the correct average response to forest loss for each species. We also estimated W j controlled for these environmental factors, using multiple logistic regression. The results support the conclusions of an overall negative, yet highly variable response to decreased forest cover among tree species, with some positive responses; and greater robustness of animaldispersed species ( fig. S3 , P < 0.005).
Significant unexplained variation remains in the response of species within each dispersal group, but this is not surprising given the biological variation among species in either group. Just in terms of dispersal itself, both groups contain a large variation in seed size [although within either group we found no effect of seed weight on W j ( fig. S1)] ; different animal-dispersed species are dispersed by different combinations of birds and mammals [foraging behavior and body size differences among frugivores may affect seed dispersal distances (24, 25) ]; and many of the species are likely to benefit from occasional long-distance dispersal events by agents other than the dominant disperser (26) . These species are also likely to differ in the other traits that metapopulation theory has predicted to be crucial in determining response to habitat loss (such as fecundity and local extinction rates). Nonetheless, our analysis suggests that the differences in species responses to local forest cover are to a large extent driven by the dispersal vector used by trees. This is consistent with predictions from metapopulation theory about the effects of animal-mediated directed dispersal. However, additional detailed field observations would be needed to rule out alternative explanations based on the interaction between dispersal and habitat loss. For example, lower amounts of habitat cover may be correlated with increased edge habitat, which has been observed in some cases to be preferred by seed-dispersing animals (27) .
Whatever the mechanisms involved, the finding that animal-dispersed tree species are more robust to the effects of deforestation has an obvious implication for conservation policy: In the absence of detailed data (such as was available here), it might be expected that deforestation in other regions is more likely to threaten a given wind-dispersed, than a given animal-dispersed, plant species. However, the weight attached to this prediction should reflect the substantial withingroup variation in response documented here ( Fig. 2 ) and the degree of extrapolation outside Spanish tree species to reduction in local forest cover (W j ), estimated using the maximum likelihood estimate of the parameters of a logistic regression relating the probability of occurrence of species j to local forest cover. Gray arrows indicate non-native species. W j is defined as the natural logarithm of the ratio of occurrence probabilities at 0 and 75% cover. Negative W j implies a negative response to habitat loss. Species are ranked by W j . Error bars are 95% confidence intervals on W j , calculated conservatively (16) . (B) Average W j of wind-dispersed species (n = 12) and animal-dispersed species (n = 22). Error bars are 95% confidence intervals on the mean W j for each group. Tree species richness (average number of species occurring in a 25-m-radius circular plot) versus local forest cover H q : observed (points) and from the logistic regression (line, calculated by summing the predicted probability of occurrence over the 34 species). Error bars are standard errors on the observed average for each level of H q . The observed richness is positively correlated with H q ; that is, negatively correlated with forest loss (Spearman rank test, r s = 0.73, P = 0.038). Species richness was calculated by referring to data for the 34 study species only. (28, 29) , then the combination of habitat loss with direct and indirect removal of animals, to which many of the world's most diverse forests are subject, is likely to have more drastic effects than either perturbation alone. In these circumstances, animaldispersed species might be more, not less, sensitive to habitat loss. This points to the maintenance of the network of plant-animal interactions as a cornerstone of conservation policy and to the need for more studies of species responses to habitat loss. Differentiation and secondary metabolism are correlated processes in fungi that respond to light. In Aspergillus nidulans, light inhibits sexual reproduction as well as secondary metabolism. We identified the heterotrimeric velvet complex VelB/VeA/LaeA connecting light-responding developmental regulation and control of secondary metabolism. VeA, which is primarily expressed in the dark, physically interacts with VelB, which is expressed during sexual development. VeA bridges VelB to the nuclear master regulator of secondary metabolism, LaeA. Deletion of either velB or veA results in defects in both sexual fruiting-body formation and the production of secondary metabolites.
S econdary metabolites of fungi include "friends and foes" of human health, such as Aspergillis' production of penicillin (1) and the carcinogenic aflatoxin precursor sterigmatocystin (ST), respectively (2). Secondary metabolic pathways are often tightly correlated with the fungal developmental program and response to external cues including light. The mold Aspergillus nidulans forms airborne asexual spores in light but preferentially undergoes sexual reproduction in the dark (3, 4) . The latter results in the formation of sexual fruit bodies called cleistothecia, which consist of different cell types, and an increase in secondary metabolism (5) . Mutations resulting in defects in fungal development often also impair secondary metabolism (6) . There is genetic evidence for a connection between fruitbody formation, secondary metabolism, and light in A. nidulans, but the molecular mechanism is not known (7) (8) (9) . One candidate for such a bridge is the conserved velvet protein encoded by the veA gene (10-12), whose expression increases during sexual development (7) . VeA transport into the nucleus is inhibited by light (13) . It acts as a negative regulator of asexual development (14) and antibiotic biosynthesis (15) .
Biosynthetic genes for fungal secondary metabolite are often clustered and regulated by pathway-specific transcription factors (16, 17) . Secondary metabolism is also regulated at an upper hierarchic level by a global epigenetic control mechanism. The nuclear LaeA protein is present in numerous fungi and is a master regulator of secondary metabolism in Aspergilli (18) . †To whom correspondence should be addressed. E-mail: gbraus@gwdg.de 
Region and dataset
The Iberian Peninsula spans from 36ºN to 43.5ºN and 9ºW to 3ºE, housing a large altitudinal gradient (sea level -3500 meters); it comprises a mosaic of different climates (from semiarid to Mediterranean and humid Atlantic climates), and a number of quite different landscapes such as natural and managed forests, savannas, shrublands, grasslands, agriculture fields and urban areas. This region is located in a known biodiversity hot-spot (Mediterranean basin; S1). The Second Spanish Forest Inventory (IFN2, 1986-1996; ICONA 1995) is an extensive dataset consisting of 91,200 circular sample plots distributed across the currently-wooded surface of peninsular Spain, with an approximate density of one site per 1 Km 2 . Each sampling site was located in the field using pre-generated UTM coordinates, and was sampled for many attributes, including presence/absence of several species of trees; stem diameter and height for trees of some species; altitude and slope. The IFN2 assigns a code for each tree species or group of species. Because codes related to multiple species do not distinguish individual species, only species with specific codes (codes referring to single species) were considered here. For the purpose of this study, we extracted the presence/absence data for 34 canopy-dominant tree species commonly found in Mediterranean and Atlantic forests of the study region (where presence or absence means presence or absence of a living tree of the species within a circular survey plot with 25 m radius). These species comprise a wide range of niches and biological traits (Table S1 ). Tree species with a main distinctive dispersal mode (wind / animal) were studied (S2-4); species with mixed dispersal (wind + animal) were excluded from the analyses (i.e. Pinus pinea). Sampling sites with georreferencing mismatches and errors in the climate variable estimations were excluded. This left 89,365 sites and 34 species in the analysis.
The IFN2 includes 6 exotic species that naturally invaded forest systems in the study region. These species were considered in our analyses provided they had a clear distinctive dispersal mode. In addition, part of the distribution area of some exotic species surveyed in the IFN2 consists of plantations. But importantly, considering only native species, or both native and exotic species, had no material impact on conclusions ( Figure S2 ).
Since the survey sites were only placed in 1x1 km grid-cells currently occupied by forest (defined as dominated by woody plants), an estimate of the proportion of forest habitat cover could be estimated as FS/NoFS, where FS (Forest Sites) is the number of surveyed sites (those where trees are present) in a given neighbourhood around a focal site, and NoFS (Non-Forest Sites) is the number of sites within that neighbourhood that were not surveyed (those not dominated by woody plants). Thus, we generated a continuous 1 Km resolution grid covering peninsular Spain to which the survey network was superimposed. Points in this grid that matched the survey sites were defined as forest sites; conversely, non-matching points were defined as non-forest sites. 'Forest cover' measures the continuity of forest by looking at neighbour sites (corresponding to areas of 8Km 2 around each site), giving an estimation of habitat cover surface ranging from 0% to 100%.
Model
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To avoid linearity assumptions in the relationship between species' occurrence probability (which is bounded 0-1) and the proportion of forest cover, we fitted logistic regression models to estimate the probability of occurrence of each species in each site. 
Where is the probability of finding species j in site q with local habitat cover H q , and M j and C j are species-specific parameters. The logistic regression returned maximum likelihood estimates (MLE) for M j and C j , together with 95% intervals on each parameter. For each species, the regression was performed using 89,365 H q , O j,q pairs, where O j,q is the observed occupancy of species j in plot q (1 present, 0 absent). The regression treated these data as independent, and so did not include the potential effects of spatial autocorrelation, i.e. a tendency for plots close to each other to have similar H q , and / or O j,q , values. In reality this autocorrelation reduces the effective sample size of the regression, compared to that carried out here, by a fraction that is currently unknown; although the effects of this are unlikely to be substantial here because the (uncorrected) sample size is so large (89,365 for each species) compared to the number of parameters to be estimated (2 for each species), and because the standard deviation on parameter estimates shows only a square-root relationship to sample size. Moreover, we used a highly conservative method to estimate the confidence intervals on Ω j (see below): this method is likely to have increased the confidence intervals by a larger fraction than would the inclusion of the effects of autocorrelation.
For each species j, the parameter estimates corresponded to a continuous function relating habitat cover and occurrence, and the uncertainty in parameters corresponded to uncertainty in this function. To facilitate comparison among species, we needed, from these continuous functions, to generate a scalar metric measuring sensitivity to forest loss. We chose to use the proportional reduction in occurrence caused by a reduction in forest cover from a high value (0.75) to zero: Where is calculated using the MLE estimates for the parameters M j and C j .
Note that a negative Ω j implies a negative response of occurrence to reduced local forest cover. Also, the logarithmic scale makes the relationship between Ω j and the proportional reduction in occurrence non-linear: for example, Ω j = -2 implies an 86% reduction in occurrence, -1 implies 63% reduction, -0.5 implies 40% reduction, and +1 implies a 170% increase in occurrence.
To produce confidence intervals on Ω j for each species, we used the following simple error propagation approach: (1) extract, for M j and C j , the lower and upper 95% confidence interval; (2) generate the four combinations of M j and C j that can be given by combining these lower and upper estimates; (3) apply eq. S3 using calculated from each of the four combinations; (4) report the highest and lowest Ω j values from the four calculated values. This method allows for independent variation in ) , ( q H j P M j and C j , and allows for both parameters to be simultaneously at the edge of their 5% confidence interval. It is therefore a conservative method compared to a formal error propagation: i.e., the reported intervals are larger than those that would have been produced from formal error propagation .   97  98  99  100  101  102  103  104  105  106  107  108  109  110  111  112  113  114  115  116  117  118  119  120  121  122  123  124  125  126  127  128 129
Permutation Test
We ranked species Ω j (species 1, species2,…, species 34), so the average position of an animal-and wind-dispersed species in that list could be obtained. The difference between the average position numbers was used as a test statistic to evaluate the probability of obtaining, by chance, the observed difference in average rank between wind-and animal-dispersed species. 10,000 sets of random species ranks were produced, where each species was assigned a rank (1-34) at random. For each of these 10,000 sets, the difference between the average rank for animal vs wind-dispersed species was calculated. This yielded a frequency distribution of the difference between the groups, corresponding to a null hypothesis of no true difference in Ω j between the groups. We then noted where the observed value of the difference between the groups lay in the frequency distribution, which corresponded to the probability of obtaining the observed difference without a true difference between the groups.
Phylogenetic analyses
The amount of phylogenetic signal in Ω j was quantified with Phylogenetic eigenVector Regression (PVR; S5). This method tests whether species traits (in this case, Ω j ) are significantly associated with phylogeny, partitioning the phenotypic variation in a certain trait into phylogenetic (among lineages, P) and nonphylogenetic or specific (within species, S) components, based on multivariate analysis (Ω j = P + S). The idea is that phylogeny can be expressed as a set of orthogonal vectors obtained by an eigenanalysis of a phylogenetic distance matrix. These vectors can then be used as predictors of Ω j in any form of linear or non-linear modelling.
The starting point is the construction of the phylogenetic distance matrix D, for which we used the phylogeny for existing seed-plant families hosted in the Webpage of the Missouri Botanical Garden, and that has been compiled and is being continuously updated by P.F. Stevens using different sources (the phylogeny and details about its construction are available at: www.mobot.org/MOBOT/research/APweb/) (accessed, December 2007). For each possible pair of species in D, we considered that their phylogenetic distance was the minimum number of nodes connecting them in the phylogeny. Then, we used principal coordinates analysis (PCoA) to extract eigenvalues and eigenvectors from this matrix after performing a double-center transformation (the row and column means were substracted from each element and the grand mean was added, after transforming original distances into ). We used the coefficients of the eigenvectors of D as the coordinates of the species in the reduced multivariate space expressing variation among them in the hyperspace defined by phylogenetic relatedness (numerical details about PVR calculations are provided in S5). 130  131  132  133  134  135  136  137  138  139  140  141  142  143  144  145   2   5 .
The first three eigenvectors from the PVR explained most of the phylogenetic structure existing in D (Table S2) , and were identified as capturing meaningful phylogenetic relationships by a scree-plot + 1 procedure, a conservative method of eigenvector selection (S6). Accordingly, to test whether there were differences between wind-and animal-dispersed species in terms of Ω j that are independent of phylogenetic inertia, we included these eigenvectors as covariables in an analysis of covariance (ANCOVA) in which the response and explanatory variables were Ω j and dispersal mode, respectively. The two groups (animal dispersed, wind dispersed) showed significantly different mean Ω j values, either when considering all 34 species, or when analyzing only the 28 species that are native to the study region (Table S3a, b) . Therefore, we concluded that the difference in average Ω j between wind-dispersed and animal-dispersed species was not caused by phylogenetic autocorrelation. 146  147  148  149  150  151  152  153  154  155  156  157  158  159  160  161  162  163  164  165  166  167  168  169  170  171  172  173  174  175 Multicollinearity In addition to the effects of habitat cover, each tree species is likely to be affected by the gradients in climate, soil and fire frequency occurring in the study region, raising the possibility that apparent responses to habitat cover (and any apparent differences in response among species) are driven by environmental factors correlated with habitat cover (multicollinearity). This problem occurs in any study of species occurrence vs. habitat cover, except in the rare cases where the habitat gradient has been exposed experimentally. To assess the sensitivity of our conclusions to this problem, we first extracted, for each survey site, a set of 18 climatic, topographic and soil variables (listed in Table S4 ) which might be critical to plant physiological function and survival in the Mediterranean and Atlantic systems. Principal component analysis showed no multicollinearity between forest cover and these variables (Table S4) . This showed that, at the scale of peninsular Spain, forest cover varies almost independently of climate, topography, soil, and major perturbation events ( Figure S3 ), making mutlicollineariy an unlikely explanation of the results. As a additional check, we performed combined species-specific logistic regression that included included environmental variables (the axis scores from the PCA described above) and forest cover, in order to extract estimates for Ω j controlled for environmental factors (Fig. S3) . The pattern of interspecific variation in Ω j was not qualitatively altered by including environmental variables (compare Fig S3 with Fig. 2 ), and the difference in Ω j between animal-and wind-dispersed species remained statistically significant (permutation test: p < 0.005). List of tree species included in the analysis. Dispersal mode is indicated. Parameter estimates of the logistic regression models (M j , C j ) are provided for each species, together with Ω j calculated at the MLE estimates for M j and C j . Species are given in rank order of Ω j (a negative Ω j implies a negative response to forest loss). Exotic species are highlighted in bold. Eigenvectors generated by the eigenanalysis of the phylogenetic distance matrix D among tree species. The first three eigenvectors explained 92.5% of the phylogenetic signal and are emphasized in grey. These eigenvectors were identified by the scree-plot + 1 method as the most meaningful ones (6) and used as covariables in ANCOVA analysis. Phylogenetically-controlled analysis of covariance (ANCOVA) on Ω j . The first 3 eigenvectors generated by the eigenanalysis of the phylogenetic distance matrix were used as covariates. List of environmental variables included in the principal component analysis (PCA). The list includes climatic, topographic, soil and disturbance variables that the authors considered might be important to tree physiological function and survival in Mediterranean and Atlantic ecosystems. Each variable was estimated for each survey plot. The PCA shows that local forest habitat cover (H q ) is an independent factor not related to climate, topography, soil or fire disturbance (factor 3). 
